Mercury in the Arctic is an important environmental and human health issue. The reliance of Northern Peoples on traditional foods, such as marine mammals, for subsistence means that they are particularly at risk from mercury exposure. The cycling of mercury in Arctic marine systems is reviewed here, with emphasis placed on the key sources, pathways and processes which regulate mercury levels in marine food webs and ultimately the exposure of human populations to this contaminant. While many knowledge gaps exist limiting our ability to make strong conclusions, it appears that the long-range transport of mercury from Asian emissions is an important source of atmospheric Hg to the Arctic and that mercury methylation resulting in monomethylmercury production (an organic form of mercury which is both toxic and bioaccumulated) in Arctic marine waters is the principal source of mercury incorporated into food webs. Mercury concentrations in biological organisms have increased since the onset of the industrial age and are controlled by a combination of abiotic factors (e.g., monomethylmercury supply), food web dynamics and structure, and animal behavior (e.g., habitat selection and feeding behavior). Finally, although some Northern Peoples have high mercury concentrations of mercury in their blood and hair, harvesting and consuming traditional foods have many nutritional, social, cultural and physical health benefits which must be considered in risk management and communication.
Introduction
The Arctic Ocean (Fig. 1) , including its coastal seas, has many features differentiating it from the rest of the world's marine ecosystems that can affect the fate of mercury (Hg) and how issues surrounding Hg contamination are viewed. First, due to its extremely remote location, virtually all anthropogenic Hg inputs to the Arctic Ocean originate from long-range transport rather than point source emissions, making source attribution more challenging than in other systems. Furthermore, atmospheric processes that are unique to polar regions play an important role in controlling the deposition of atmospheric Hg to this region. A large percentage of the Arctic Ocean is ice covered for much of the year, which alters many aspects of the Hg cycle (e.g., rates of ocean-atmosphere Hg exchange and photochemical processes) and makes access for scientific study more logistically challenging. The Arctic is also inhabited by Northern Peoples, such as Inuit, who harvest and rely on marine mammals and fishes for subsistence, adding a very important human dimension to the issue of Hg contamination of Arctic marine ecosystems. Many changes have recently occurred in communities across the Arctic, and Northern Peopless are now experiencing a combination of complex stressors. These stressors include health issues associated with an increased reliance on processed foods from the south and exposure to multiple contaminants, such as Hg and persistent organic pollutants, through the consumption of traditional foods (AMAP, 2011) .
Monomethylmercury (MeHg), a potent vertebrate neurotoxin that is readily bioaccumulated and biomagnified, is present in numerous Arctic marine mammals, such as ringed seals (Phoca hispida) and beluga whales (Delphinapterus leucas), at concentrations high enough to pose health risks to Northern Peopless consuming these animals as traditional country foods (AMAP, 2011) . In fact, 450% of mothers and women of child bearing age exceed the US Environmental Protection Agency's recommended blood Hg level of 5.8 mg L À 1 in several northern populations (AMAP, 2011) , which is very high compared to the 50th percentile for American females of 0.720 mg L À 1 (Department of Health and Human Services, 2012) . In some Greenland communities where diets are comprised predominantly of traditional foods, average Hg concentrations up to 40 mg L À 1 have also recently (2000) (2001) (2002) (2003) (2004) (2005) (2006) (2007) been observed in pregnant women, mothers, and women of child bearing age (AMAP, 2011) . Furthermore, there is evidence that MeHg concentrations in many marine mammals and birds have increased since industrialization (Dietz et al., 2009 ) and continue to increase presently in some regions of the Arctic (Rigét et al., 2011) .
Until recently, Arctic Hg research has largely focused on monitoring Hg levels in top predators, such as polar bears, beluga whales and birds. Through monitoring programs such as Canada's ''Northern Contaminants Program'' working in tandem with subsistence hunters from northern coastal communities to obtain samples, a moderate amount of data on Hg levels in biota has been collected. Since the discovery of Atmospheric Mercury Depletion Events (AMDEs) in 1995 (Schroeder et al., 1998) , numerous atmospheric and snowpack Hg measurements have also been carried out to try attempt to understand atmospheric Hg deposition processes in the Arctic . These efforts have resulted in some of the most extensive long-term data sets in the world; however, information on the key processes linking atmospheric deposition to Hg levels in top predators has only become available in the last 5-10 years with the publication of studies on Hg speciation, transformations and exchange in Arctic marine waters (Kirk et al., 2008; Lehnherr et al., 2011; Andersson et al., 2008; St. Louis et al., 2007) as well as on factors controlling bioaccumulation of Hg through food webs (Loseto et al., 2008a, b; AMAP, 2011 ). An up-to-date review of Hg in Arctic marine ecosystems which tracks Hg pathways from sources to human exposure is presented here with the goal of providing a holistic viewpoint that will be informative to policy makers. Although Hg cycling in the environment is extremely complex, we attempt to identify factors that are important for MeHg production and bioaccumulation and discuss potential management mechanisms that could address some of these issues. 
External inputs
Hg enters the Arctic Ocean via a number of different pathways, including the atmosphere, river exports and ocean currents. Some of the major questions that Arctic Hg research has recently focused on are: ''How much Hg is deposited to the Arctic Ocean from atmospheric deposition? Where does this atmospheric Hg originate?'' Answering these questions has been challenging because Hg emissions to the air occur from both natural and anthropogenic sources and complex exchanges of Hg occur at interfaces between the air, water and cryosphere. Most recently, progress has been made in understanding the relative contributions of Hg inputs from atmospheric deposition and river exports and we therefore provide up-to-date information on Hg sources to the Arctic Ocean, with focus on atmospheric deposition and river exports to the Arctic Ocean and identification of major knowledge gaps.
Hg in the atmosphere
The main species of Hg in the atmosphere is gaseous elemental Hg or Hg(0), which has a long atmospheric residence time (6-12 months) and can thus undergo long-range transport (Selin, 2009 ). In the atmosphere, Hg(0) can react with strong oxidants, such as halogen radicals, to form chemical species termed reactive gaseous Hg (RGM) and particulate Hg (PHg), both of which have relatively short atmospheric residence times and therefore are rapidly deposited to underlying surfaces, such as landscapes and water bodies . In polar regions, the oxidation of Hg(0) and subsequent deposition of RGM and PHg is enhanced during polar spring by phenomena called Atmospheric Mercury Depletion Events (AMDEs). Steffen et al. (2008) reviewed and synthesized current AMDE science and concluded that the initiation of AMDEs requires Hg in the atmosphere, cold temperatures, a stable inversion layer, sunlight and reactive halogens. Sea ice or snow may provide a large pool of halogen radicals such as Brd, BrOd, Cld and ClOd to catalyze the photochemical reactions. Thus, the Arctic Ocean during springtime provides the physical and chemical conditions required for atmospheric transformation and deposition of Hg. Because the Arctic is a large and remote region, there are still relatively few atmospheric and Hg deposition measurements directly over the Arctic Ocean (Fig. 2) . However, great strides have recently been made in the development of atmospheric Hg models for the Arctic Holmes et al., 2010; Travnikov and Ilyin, 2009) , and models now incorporate, for example, the role of snow chemistry in deposition and emission of Hg around the Arctic.
Concentrations of Hg in the Arctic atmosphere and snowpack
The longest continuous measurements of atmospheric Hg have been collected at Alert, Canada, Ny-Ålseund, Norway and Amderma, Russia, beginning in 1995 , 2000 . Less continuous measurements have been collected at Barrow, Alaska, Station Nord, Greenland, and Resolute, Churchill and Kuujjuarapik, Canada. In general, concentrations of Hg(0) in high Arctic and subarctic regions vary from o0.05 ng m À 3 to $ 3 ng m À 3 and have distinct seasonal signatures which reflect a variety of processes, including the occurrence of AMDEs, the emission of Hg(0) from snowpacks, tundra and oceans, and variation in long-range transport episodes. For example, at Alert, in the high Arctic, median ( 7 standard deviation) fall, winter, spring and summer concentration are 1.4970.11, 1.5970.17, 1.2470.53 and 1.8070.35 ng m À 3 , respectively. The low spring median concentration accompanied by high variation, for example, reflects that during AMDEs, atmospheric Hg(0) concentrations frequently drop o1 ng m À 3 but can increase to above 1.7 ng m À 3 (northern hemispheric background concentration level) between AMDEs. Generally, the concentrations of RGM and PHg in Arctic air are in the low pg m À 3 concentration range but increase to the low ng m À 3 range during AMDEs . For example, Fig. 2 . Locations where atmospheric Hg speciation measurements have been carried out across the circumpolar Arctic and concentrations of Hg(0) at some of these sites (from Steffen et al., 2008) .
during polar night at Alert in 2005, the distribution of atmospheric GEM, RGM, and PHg was 95%, 0.63%, and 4.4%, respectively, but changed to 88.6%, 5.7% and 5.7%, respectively, during springtime AMDEs (Cobbett et al., 2007) . Few measurements of atmospheric Hg species directly over the Arctic Ocean have been published to date; however, available data suggest that Hg(0) concentrations are higher and more variable over the Arctic Ocean, particularly in regions with greater ice cover (1.8270.24 ng m À 3 ), than over the open North Atlantic Ocean (1.5370.12 ng m À 3 ) (Aspmo et al., 2006) . Back trajectory analysis demonstrated that Hg(0) over the Arctic Ocean did not originate from Europe or North America, and as a result, it was hypothesized that elevated summer-time Hg(0) concentrations were due to reduction and subsequent emission of Hg(II) deposited to snow and ice surfaces during spring-time AMDEs or evasion directly from the ocean surface due to increased reduction potential at high latitudes during the summer (Aspmo et al., 2006) . However, recent modeling efforts have suggested that the summer-time elevated atmospheric Hg(0) concentrations are due to evasion from the ocean rather than the photoreduction of Hg(II) from snow/ice surfaces, as the snowpack Hg(II) reservoir is insufficient to generate such high concentrations (Fisher et al., 2012) .
Measured concentrations of total Hg (THg; includes all forms of Hg in a sample) in surface snow and meltwater vary greatly across the Arctic, ranging from 0.9 ng L À 1 at Summit (Greenland) to 55 ng L À 1 in Davis Straight for surface snow and from 3.5 ng L À 1 in northern Sweden to 20 ng L À 1 in Barrow (Alaska) for meltwater ( Fig. 3A and B) (Durnford and Dastoor, 2011 and references therein) . This variability is due both to among and within site variation in Hg deposition and post-deposition processes. For example, some studies have observed dramatic increases in surface snow Hg concentrations during AMDEs, but decreases directly following AMDEs (Kirk et al., 2006; Ferrari et al., 2005; Lindberg et al., 2002) , indicative of reemission of deposited Hg(II). It is now widely recognized that a large portion of the Hg that is deposited to snowpacks is photoreduced and revolatilized (Lalonde et al., 2002 (Lalonde et al., , 2003 Poulain et al., 2004) . From published time series of measured snowpack Hg concentrations, Durnford and Dastoor (2011) calculated a mean loss of 20-50% from surface snow within a 24-h period due to photoreduction and revolatilization as Hg (0) (Fig. 3C ). In addition, Sherman et al. (2010) recently measured Hg isotope ratios in surface snow, and in Hg(0) emitted from the snowpack surface during an AMDE at Barrow. They reported large mass-independent fractionation of Hg isotopes in surface snow, which they proposed is the result of Hg(II) photoreduction in surface snow. Using the isotope signature of Hg in snow, they estimated that 35-75% of deposited Hg(II) is reduced to Hg(0) and revolatilized from the snowpack (Sherman et al., 2010) . Durnford and Dastoor (2011) recently developed a conceptual mechanism of the physical and chemical processes governing the fate of Hg in snow. It is hypothesized that all Hg(0) deposited onto snow covered surfaces is revolatilized immediately while deposited PHg is strongly retained by the snowpack. The chemical cycle of Hg(II) within the snowpack and the subsequent revolatilization of the Hg(0) produced were found to depend on snowpack characteristics and local environmental conditions. H 2 O 2 in pHneutral snow, HO 2 d, humic acids, oxalic acid and sulfite based compounds promote Hg(II) reduction within the snowpack (Munthe and Xiao, 1991; Van Loon et al., 2000; Dommergue et al., 2003b Dommergue et al., , 2007 Gårdfeldt and Jonsson, 2003; Lahoutifard et al., 2005; Faïn et al., 2008) . On the other hand, H 2 O 2 in acidic snow, Brd, Br 2 , O 3 , OHd, alkenes and alkyl nitrates promote the oxidation of snowpack Hg(0) (Mann et al., 2005; Lahoutifard et al., 2006; Lin et al., 2006; Faïn et al., 2008) . Hg(0) produced within the snowpack may be reoxidized prior to revolatilization and hence retained by the snowpack. Moreover, halides, such as Cl À and Br À stabilize Hg(II) in snow (St. Louis et al., 2007; Lalonde et al., 2003; Ferrari et al., 2004; Faïn et al., 2006 Faïn et al., , 2008 . Therefore, at coastal marine sites and over first-year sea ice, where snowpack halogen concentrations are frequently high (Simpson et al., 2007a (Simpson et al., , 2007b , the retention of deposited Hg(II) may be enhanced (Garbarino et al., 2002; Poulain et al., 2007b; St. Louis et al., 2007; Larose et al., 2010) . At the onset of snow melt, Hg(0) emission to the atmosphere increases (Dommergue et al., 2003a; Faïn et al., 2007; Sommar et al., 2007; Brooks et al., 2008; Douglas et al., 2008) while the snowpack's Hg(II) load rapidly exits the snowpack in the meltwater ionic pulse (Bales et al., 1990; Kuhn, 2001; Bishop et al., 1995; Allan et al., 2001; Lindberg et al., 2002; Dommergue et al., 2010; Larose et al., 2010) .
How much Hg is deposited to the Arctic from atmospheric sources
Net atmospheric Hg deposition in the Arctic has been estimated using measured areal snowpack loadings (Constant et al., 2007; Ferrari et al., 2005; Kirk et al., 2006; St. Louis et al., 2007; Steffen et al., 2002) and modeling (AMAP, 2011; Holmes et al., 2010; Dastoor et al., 2008; Christensen et al., 2004; Ariya et al., 2004; Travnikov, 2005) . Areal spring-time loads of THg and MeHg in Canadian high Arctic snowpacks averaged 3.177.0 mg m À 2 and 0.003470.0021 mg m À 2 , respectively (St. Louis et al., 2007) . In Churchill, Canada, average spring-time loads calculated from THg concentrations in snow melt or year-round wet precipitation collections were even lower than those in the high Arctic, ranging from 0.04 to 0.4 mg m À 2 (Kirk et al., 2006) and 0.5-2.0 mg m À 2 (Sanei et al., 2010) , respectively. Numerous models have been developed which incorporate contemporary anthropogenic emissions, natural emissions and re-emissions of both anthropogenic and natural Hg and simulate the cycling of Hg between the atmosphere and landscape (AMAP, 2011) . Early model estimates of Hg deposition to the Arctic ranged from 208 to 325 Mg yr À 1 , 20-57% of which was attributed to AMDEs (Christensen et al., 2004; Ariya et al., 2004; Travnikov, 2005) . However, recent deposition estimates from the GRAHM (Global/Regional Atmospheric Heavy Metals Model) and GEOSChem (global 3-D atmospheric composition model driven by data from the GODDARD Earth Observing System) models, which now incorporate snowpack photoreduction processes, are much lower, suggesting net annual depositional fluxes of 143 Mg yr À 1 ( Fig. 4A ; NCP, 2012) and 60 Mg yr À 1 , respectively, for the area north of 66.51N. The GRAHM model also simulates atmospheric Hg(0) concentrations for the Canadian Arctic and suggests that in the western Canadian Arctic, Hg deposition is highest and Hg(0) concentrations are lowest, which is consistent with measured Hg(0) concentrations (Fig. 4B) (NCP, 2012) . The GRAHM model also suggests that there is an increasing north to south Hg deposition gradient that may be attributed to higher Brd concentrations, proximity to emission sources and increased precipitation.
In the Canadian high Arctic and subarctic where both measured and modeled estimates of net atmospheric deposition are available, direct measurements of Hg loads from high Arctic snowpacks (0.5-3.5 mg m ) and 3.7 mg m À 2 (Fisher et al., 2012) for the area north of 66.51 N and 701 N, respectively. Field measurements differ from model simulations because snowpack and meltwater loads, which incorporate both wet and dry net deposition, do not reflect deposition over a full 12-month cycle while wet-only deposition fluxes do not include the contribution of dry deposited Hg species such as RGM and PHg. Average Hg flux values recently obtained using dated lake sediment cores from 32 locations across the Canadian Arctic are in good agreement with GRAHM modeled values, averaging 2.8 and 7.5 mg m À 2 for the high and subarctic, respectively, and showing a similar negative relationship between latitude and Hg deposition ). Regardless of the exact deposition values, it is apparent that atmospheric deposition in the Arctic is less than at temperate latitudes or in industrialized regions of the world. For example, atmospheric Hg depositional fluxes over the Gulf of Maine (northeastern US) have recently been estimated at 10-12 mg m À 2 (Sunderland et al., this issue) . Furthermore, the reservoir of Hg in snowpacks appears to be insufficient to explain seasonal patterns in atmospheric Hg concentrations (Fisher et al., 2012) , or to be the principal driver of Hg methylation and bioaccumulation in marine ecosystems.
2.1.3. Source attribution models: ''What are the source regions of atmospheric Hg to the Arctic?''
Since there are no anthropogenic Hg point sources in the Arctic, determining the relative importance of different source regions is of great importance.
GEOS-Chem and GRAHM model simulations were recently used to track Hg from its point of emission to global and Arctic reservoirs, respectively (Corbitt et al., 2011; Durnford et al., 2010; AMAP, 2011) . GEOS-Chem model simulations suggest that anthropogenic emissions, legacy sources from the past two centuries, and natural sources each contribute approximately one-third of the Hg deposited to the global oceans (Corbitt et al., 2011) . Hg re-emission, particularly from the oceans, plays a key role in recycling Hg, with 10%, 40% and 50% of Hg that is deposited to land, oceans and snow, respectively, being reemitted rather than transferred to deeper reservoirs.
Similar to GEOS-Chem modeling results for the global oceans, GRAHM modeling suggests that $ 2/3 of Hg deposited to the Arctic is natural and re-emitted Hg (with 40-45% coming from land and 30-34% from oceans) whereas 20-28% is from anthropogenic sources (Durnford et al., 2010; AMAP, 2011) . The contribution of anthropogenic Hg from different source regions is impacted by weather fronts, such as the Arctic front, which have an important influence on the long-range transport of aerosols (Fisher et al., 2011) . For example, the Arctic front extends southward over Russia and Eurasia during the winter, facilitating the transport of air-borne contaminants from this region to the Arctic. In the spring, the polar front contracts northward, allowing East Asian sources to become more important in contributing air-borne contaminants to the Arctic (Fisher et al., 2011) . The contribution of anthropogenic sources to Hg deposition is higher (28%) in the high Arctic than in the subarctic (20-21%) due to higher contributions from East Asia (15% vs. 11%) and Europe (3% vs. 2%) (Fig. 5) (Durnford et al., 2010; AMAP, 2011) . Overall, the largest anthropogenic Hg source region to the Arctic is East Asia (10-15%) followed by Europe (2-3%), North America (2-2.5%) and South Asia (1.5-2%). This is consistent with GEOS-Chem modeling, which suggests that Asian sources are the largest source of new anthropogenic deposition to all oceans (for example, 53% in the North Atlantic and 62% in the North Pacific) (Corbitt et al., 2011) . Interestingly, although North American and European sources contribute only 30% of new anthropogenic deposition to the world's oceans, because one-third of current deposition is from legacy sources, a large portion of current deposition to the oceans is from legacy North American and European emissions over the last two centuries (Corbitt et al., 2011) . The Task Force on Hemispheric Transport and Air Pollution recently assessed GEOS-Chem and GRAHM modeling results and it was concluded that decreasing East Asian and European emissions could effectively control Arctic Hg deposition due to the proximity of these regions to the Arctic, the prevailing atmospheric circulation patterns, and the contribution of these regions to global anthropogenic emissions (Pirrone and Keating, 2010) .
Although great strides have recently been made to improve modeled estimates of Hg deposition and source attribution to the Arctic and around the globe in general, some major model uncertainties remain (AMAP, 2011; Corbitt et al., 2011) . The first is atmospheric Hg emission estimates. Although there are good anthropogenic Hg emission inventories, there are large uncertainties associated with the speciation of anthropogenic Hg emissions as well as estimates of natural Hg sources and re-emissions, particularly from different ecosystem types (AMAP, 2011) . Thus, in the Arctic, estimates of re-emission rates from different snow and ice surfaces would be of great value. The second major limitation to current Hg models is a lack of understanding of atmospheric Hg speciation and of the chemical processes governing atmospheric reactions. Specifically, there are uncertainties in the identity of the major atmospheric Hg(0) oxidants (Brd, Cld, Br 2 , Cl 2 , BrOd, O 3 , OHd and HOCl/OCl À ), although it is becoming apparent that Brd plays an important role , as well as uncertainty in the products and rates of atmospheric Hg reactions. In the Arctic, the chemical processes governing atmospheric Hg reactions on snow, ice, and particle surfaces as well as the effect of temperature, sea ice extent, and snow and ice melt on atmospheric Hg reactions are not well understood (Cole and Steffen, 2010) . Given current knowledge gaps, models rely on observed air Hg speciation and wet and dry deposition data to constrain nonanthropogenic emission and reaction rates. However, because Arctic measurements, especially over the Arctic Ocean, are scarce, the variation in Hg deposition estimates among different models is greater in the Arctic than for most other regions. Therefore, colocated measurements of atmospheric oxidized Hg species, snowpack Hg concentrations and wet deposition, would help constrain model deposition estimates (Pirrone and Keating, 2010) . Regardless of current limitations, models are an extremely valuable tool, not only for scaling up measurements but also for testing hypotheses, such as the impacts of climate-induced changes or altered emission scenarios on Hg deposition in the Arctic.
Rivers and watersheds
River discharge is another important source of both THg and MeHg to the Arctic Ocean. In the high Arctic, the most extensive measurements have been conducted on the Mackenzie and Yukon rivers, which are located in the northwestern Canadian Arctic and discharge into the Beaufort and Bering seas, respectively. Average annual exports to the Beaufort Sea from the Mackenzie River of 1200-2900 kg Leitch et al. (2007) and the discrepancy between the two estimates arises because Graydon et al. (2009) (Leitch et al., 2007) , it is likely that current values of annual Hg exports from the Mackenzie River are underestimates (Graydon et al., 2009 respectively. These values are equal to annual exports reported by Leitch et al. (2007) and the discrepancy between the two estimates arises because Graydon et al. (2009) (Leitch et al., 2007) , it is likely that current values of annual Hg exports from the Mackenzie River are underestimates (Graydon et al., 2009 À 1 , which is much higher than those reported for the Mackenzie River despite the fact that Yukon River discharge is $ 2/3 that of the Mackenzie (Schuster et al., 2011) . Yukon River MeHg exports were not reported however, due to the fact that $ 1/2 the MeHg samples obtained were oMDL. The authors found that $ 50% of the THg export occurred during the spring freshet season, with 80% of freshet sample concentrations exceeding the US EPA Hg standard for adverse chronic effects to biota, which highlights the importance of high frequency spring-time sampling. In addition, 90% of the annual THg export was particulate-bound, with dissolved and particulate organic carbon explaining 81% and 50% of the variation in dissolved and particulate Hg exports, respectively. These results highlight the importance of organic carbon in river-ocean Hg transport as well as the potentially significant impact of climateinduced permafrost degradation on the mobilization of organic carbon-bound Hg in Arctic watersheds underlain with permafrost. Exports of THg to the Kara and Laptev Seas from three Siberian rivers, the Lena, Ob, and Yenisei were estimated in 1993 to be 4000, 1300 and 700 kg yr À 1 THg, respectively (Coquery et al., 1995) . However, these estimates are based on a very limited number of concentration measurements taken in September when concentrations are expected to be lower, and therefore are likely underestimating true THg exports. Furthermore, these Siberian rivers account for over one-third of the river discharge to the Arctic and play a large role in determining the magnitude of Hg exports to Arctic marine environments. (Manizza et al., 2009) , as well as the observed relationships between DOC and dissolved Hg, and dissolved Hg and particulate Hg in the Yukon River reported by Shuster et al. (2011), we obtain a significantly larger pan-Arctic riverine THg export to Arctic marine waters of 108 Mg yr À 1 . A much more refined approach, using a coupled ocean-atmosphere Hg model (GEOS-Chem), yielded an estimated input of 80 Mg yr À 1 of riverine Hg to the portion of Arctic marine waters located between 701 and 901 N (Fisher et al., 2012) , much higher than the previous estimate of 12.4 Mg yr À 1 (Outridge et al., 2008) . Therefore, it is apparent that the importance of rivers as a source of Hg to the Arctic Ocean was previously underestimated and that river inputs of Hg are at least as great as atmospheric deposition and deserve further consideration. Although there is very limited data for MeHg exports from Arctic Rivers, we can derive an approximate export from the THg export of 80 Mg yr À 1 reported by Fisher et al. (2012) , assuming that MeHg makes up between 0.5% (Shuster et al., 2011) and 5% (Kirk et al., 2008) of THg in Arctic rivers. This approach yields a MeHg export ranging between 0.4 and 4 Mg yr À 1 . While this represents a small input relative to the existing ocean MeHg pool, river MeHg inputs may still be important in near-shore environments such as estuaries.
Although the river exports described above are informative, this dataset is still incomplete as data on MeHg and on some of the major Russian rivers is lacking and exports have often been estimated from a limited number of concentration measurements that may not reflect the seasonal variability. Future work is required to improve our understanding of the relative importance of river exports to the Arctic Ocean compared to other external sources. This could be attained by conducting multi-year studies incorporating hydrological discharge and Hg concentration data collected across seasons and including winter, ice-influenced periods and rising water periods. A better understanding of river-ocean mixing processes would be useful to understand the fate of river-derived Hg and determine how much of that Hg settles out on particles in coastal areas and how much enters the ocean water column pool, where it can be bioaccumulated into local marine food webs. Finally, it is worthy to note that MeHg concentrations in certain rivers are elevated (e.g., on average 0.1870.09 ng L À 1 in the Churchill River) compared to marine waters such that organisms that feed in river estuaries may be exposed to more MeHg (Kirk and St. Louis, 2009 ).
Ocean circulation
Very few estimates exist of Hg inputs from other oceans to the Arctic region, primarily due to a lack of Hg concentration in inflowing and outflowing water masses. Outridge et al. (2008) estimated that on a yearly basis 3.9 Mg and 44 Mg of Hg enter the Arctic Ocean via the Pacific and Atlantic inflows, respectively. This large difference in Hg inputs from the Pacific and Atlantic oceans primarily reflects the water budget for the Arctic Ocean, which receives approximately four times more water from the Atlantic Ocean than from the Pacific Ocean. While Hg inputs from ocean circulation total 48 Mg yr À 1 , it was also estimated that 14 Mg yr À 1 and 54 Mg yr À 1 of Hg are lost from Arctic Ocean outflows into the Canadian Archipelago and the Atlantic Ocean (via the East Greenland Current), respectively, meaning that overall, ocean circulation results in a net loss of $ 20 Mg yr À 1 of Hg from the Arctic Ocean (Outridge et al., 2008) . However, it is important to note that in Outridge et al. (2008) the Canadian Archipelago was not considered part of the Arctic Ocean and therefore transport of Hg from the Arctic Ocean to the Canadian Archipelago was considered as an output. If we consider the Canadian Archipelago as part of the Arctic Ocean system, the loss of Hg from ocean circulation decreases to 6 Mg yr À 1 . However, the uncertainty associated with each of the ocean circulation terms is large enough that it cannot be confidently stated whether ocean circulation is truly a sink or a source of Hg to the Arctic Ocean. It is clear, however, that ocean circulation can transport significant quantities of Hg across large distances. For example, in the eastern North Pacific, increases in THg concentrations ( $ 3% yr À 1 ) in intermediate waters have been reported in recent years, and THg concentrations are predicted to double by 2050, compared to 1995 (Sunderland et al., 2009 ). This increase is thought to be the result of increased anthropogenic emissions from Asian sources, enhanced Hg deposition to coastal waters in the western North Pacific and lateral transport across $ 650 km along the North Pacific current to the eastern North Pacific (Sunderland et al., 2009) , demonstrating that ocean circulation can be an important transport mechanism and source of Hg to certain regions.
Mass-balance considerations
To date, two mass balance Hg budgets have been assembled for the Arctic Ocean. Outridge et al. (2008) concluded that atmospheric deposition and coastal erosion were the two largest sources of Hg to the Arctic Ocean, and that sedimentation was the largest Hg sink. However, a more sophisticated modeling study recently performed (Fisher et al., 2012) suggests that rivers (80 Mg yr ) are the most important processes removing Hg from surface ocean waters. However, it is important to understand that because of a lack of data for vast regions of the Arctic, these estimates cannot yet be validated using field measurements and represent an evolving understanding of the various Hg sources and sinks to the Arctic Ocean.
Hg transformations and in-ocean processes
To understand the link between Hg sources (such as atmospheric deposition) and MeHg bioaccumulation through food webs, it is necessary to first understand Hg speciation in the Arctic Ocean and the processes that control the production of MeHg. There are four main species of Hg that exist in marine waters: Hg(II), Hg(0), MeHg and dimethyl Hg (DMHg). DMHg is a gaseous and toxic form of Hg, and although it has not been shown to be bioaccumulative, it is hydrophobic (Log K OW ¼2.59), readily crosses artificial membranes, and uptake measurements have only been carried out with one coastal diatom species (Mason et al., 1994 (Mason et al., , 1996 . Within the last 7 years, research on Hg in the Arctic marine water column has increased dramatically (i.e., St. Louis et al., 2007; Kirk et al., 2008; Andersson et al., 2008; Lehnherr et al., 2011) ; thus a detailed review of Hg speciation, exchange and transformation processes within the two major environmental compartments of the Arctic Ocean (water and sediment) is presented below.
Hg speciation in marine waters and sediments
The most extensive examination of Hg speciation has been carried out in marine waters of the Canadian Arctic Archipelago (Table 1) (Kirk et al., 2008; Andersson et al., 2008; Lehnherr et al., 2011; St. Louis et al., 2007) . However, the types of speciation measurements made in the water column and depths sampled vary from study to study. Some studies measured all four species of Hg , some measured the sum of methylated Hg species (MeHgþ DMHg) rather than just MeHg (Kirk et al., 2008; St. Louis et al., 2007) , while others reported dissolved gaseous Hg (DGM, includes both Hg(0) and DMHg) rather than Hg(0) and DMHg separately (Andersson et al., 2008) . Despite the variation among studies, recent speciation measurements have provided key information on the pools of Hg(II) and MeHg available for methylation and bioaccumulation, respectively, as well as indications of zones of production and loss of various Hg species in the water column. Hg speciation data are not available for Arctic Ocean sediments; however, there is good spatial coverage of THg in sediments for the central basin of the Arctic Ocean (Gobeil et al., 1999; Macdonald and Thomas, 1991; Asmund and Nielsen, 2000) as well as Hudson Bay (Hare et al., 2008) .
Water column THg and Hg(0) concentrations and distribution
THg concentrations are generally low in Arctic marine waters. For example, in the Canadian Arctic Archipelago and Hudson Bay regions, low concentrations of THg have been observed throughout the water column with mean concentrations reported in various studies ranging from 0.3170.11 to 0.4270.53 ng L À 1 (mean7 standard deviation) (Kirk et al., 2008; Lehnherr et al., 2011) , while concentrations measured at the surface under the ice were even lower (0.14-0.24 ng L , Kotnik et al., 2007) . In the euphotic zone (the portion of the water column exposed to light), Hg(0) is produced both from photochemical and biological Hg(II) reduction (Whalin et al., 2007; Poulain et al., 2007a; Mason et al., 1995) as well as by MeHg photodegradation (Chen et al., 2003) , with wind speed and ice-cover largely dictating Hg(0) concentrations. For example, in ice-free surface waters of the Canadian Arctic Archipelago and Hudson Bay region, low concentrations of Hg(0) were generally observed (25.4710.2 and 29.6 75.0 pg L À 1 , respectively, Kirk et al., 2008) , with elevated concentrations coinciding with high concentrations of chlorophyll a, a proxy for biological productivity. In contrast, Hg(0) concentrations measured under the sea ice near Resolute Bay, Nunavut were much higher (129736 pg L À 1 ) as they represent net Hg(0) accumulation over the ice-covered season (St. Louis et al., 2007) .
Extensive measurements of dissolved gaseous Hg (DGM) in surface water and TGM (total gaseous Hg) in air have been carried out in the Arctic Ocean ( ) and close to the North Pole, likely due to Russian river inputs, as well as near the Mackenzie River Delta (100 pg L À 1 ) (Andersson et al., 2008) . In the Canadian Arctic Archipelago, average surface DGM values from Kirk et al. (2008) (37717 pg L À 1 ), which were calculated by adding Hg(0) and DMHg concentrations together, were very comparable with those reported by Andersson et al. (2008) (38719 pg L À 1 ) (Fig. 6 ). In the aphotic zone of the water column where light does not penetrate (below $ 100-150 m), biotic reduction of Hg(II) is likely the dominant mechanism for Hg(0) production; although reductive demethylation may also occur (Mason et al., 1998) . Both among and within site variation in Hg(0) concentration are generally observed, indicating that the biotic and/or abiotic processes responsible for net Hg(0) production vary from site to site and throughout the water column. For example, Hg(0) concentrations ranging from oMDL-133 pg L À 1 were observed in the Canadian Arctic Archipelago and Hudson Bay (Kirk et al., 2008) . Hg(0) concentrations in deeper regions of the water column are likely partially driven by primary productivity. For example, in October in the Canadian Arctic Archipelago and Beaufort Sea, Hg (0) , respectively, Kirk et al., 2008) , coincident with lower chlorophyll a concentrations.
Water column MeHg and DMHg
Concentrations of methylated Hg species are generally low in icefree surface marine waters as a result of loss via photodemethylation and, for DMHg, evasion. For example, in the Canadian Arctic Archipelago, concentrations of methylated Hg (MeHgþDMHg) and DMHg averaged only 2479 and 874 pg L , respectively (Fig. 7) . However, water column mixing may transport MeHg and DMHg from sub-surface waters up to surface waters and may thus represent an important source of MeHg to organisms feeding in the surface waters, where primary production is generally highest (Michel et al., 2006) . Vertical mixing may also result in deposition of MeHg to surrounding landmasses as DMHg in surface water is evaded to the atmosphere where it undergoes photodegredation to MeHg (Sommar et al., 1996; Niki et al., 1983) prior to depositing on surrounding seascapes (Kirk et al., 2008; St. Louis et al., 2005 Pongratz and Heumann, 1999 (Pongratz and Heumann, 1998a) . However, in remote regions of the north Atlantic (Mason et al., 1998) and equatorial Pacific (Mason and Fitzgerald, 1993) , concentrations of methylated Hg species in surface waters are generally oMDL.
Concentrations of methylated Hg species are often elevated in deeper regions of the water column, suggesting that they may be produced there. At mid-depths (35-250 m depending on site) of the water column in the Canadian Arctic Archipelago, for example, concentrations of methylated Hg and DMHg averaged 80 737 and 65 737 pg L À 1 , respectively, increasing to 99 734 and 80737 pg L À 1 , respectively, at the bottom of the water column (320-808 m) (Fig. 7) . Similarly, in the Hudson Bay region, , respectively] ( Fig. 7) . If oxycline MeHg and DMHg concentrations reported in Lehnherr et al. (2011) are added together, values are comparable to methylated Hg concentrations reported in Kirk et al. (2008) for the Canadian Arctic Archipelago (79728 vs. 80737 pg L À 1 ) (Fig. 7) . Concentrations in deep regions of the Arctic marine water column are comparable to those measured in deep waters of the equatorial Pacific (maximum MeHg and DMHg concentrations 116 and 134 pg L À 1 , respectively) (Mason and Fitzgerald, 1993) . In deep north Atlantic waters (Mason et al., 1998) average concentrations of DMHg (26 716 pg L À 1 ) were lower than those reported for the Arctic, but concentrations of MeHg there were higher, averaging 2087216 pg L À 1 .
Sediment Hg
Concentrations of THg in Arctic marine sediments vary greatly, with higher values generally observed in the high Arctic compared to Hudson Bay. For example, concentrations of THg in Arctic marine sediment cores collected from the interior Arctic Ocean, Beaufort Shelf and Greenland coast in the 1980s and 1990s were 10-120, 1-130 and 4-280 ng g À 1 , respectively (Gobeil et al., 1999; Macdonald and Thomas, 1991; Asmund and Nielsen, 2000) , whereas those from Hudson Bay were 8-58 ng g À 1 (Hare et al., 2010 (0) and DMHg from the ocean surface Arctic marine waters are a source of Hg(0) and DMHg to the atmosphere. Site-to-site differences in instantaneous Hg(0) fluxes are best explained by variability in the site-specific gas transfer velocity, itself a function of wind-induced turbulence and mixing. On the other hand, differences in DMHg evasion are primarily due to large site-to-site differences in surface water DMHg concentrations. For example, because Hg(0) concentrations in the Canadian Arctic Archipelago and Hudson Bay region were similar among all sites, variation in flux was driven by wind velocity and ranged between 2.6-388 ng m À 2 day
, averaging 1307138 ng m À 2 day À 1 (Kirk et al., 2008) . In contrast, surface concentrations of DMHg varied among regions, resulting in fluxes of DMHg that were greater in the Canadian Arctic Archipelago (39.7754.6 ng m ) observed along the west coast of Greenland and maximum DGM evasion of 2352 ng m À 2 day À 1 observed along the coast of Alaska, which is higher than those measured in polluted areas of the Mediterranean Sea (570 ng m À 2 day À 1 ) (Andersson et al., 2007) . It is important to note that instantaneous air-water Hg fluxes measured in the summer and fall (Kirk et al., 2008; Andersson et al., 2008) may differ from mean annual fluxes due to the large seasonal variability in air-water gas exchange imposed by the presence of sea ice.
By comparison, using the GEOS-Chem model, Fisher et al. (2012) . Therefore, the evasion of Hg(0) from surface waters is one of the principal mechanisms of Hg removal from the Arctic Ocean, along with sedimentation of Hg to the seafloor (see Section 2.4). Sea ice plays an important role in controlling Hg(0) and DMHg evasion. As noted in Section 3.1.1, concentrations of DGM are often higher in areas of extensive sea ice cover, likely due to the physical barrier to air-water gas exchange presented by sea ice and because biological Hg(II) reduction (Poulain et al., 2007a) in the Arctic is an important pathway for Hg(0) production compared to other oceans, where reduction is almost entirely photochemically driven (Soerensen et al., 2010) . However, it is still not clear whether cracks and leads in the ice allow significant gas exchange to take place even in areas that are mostly ice covered. In the absence of sea-ice, DGM concentrations are lower due to photochemically driven Hg(0) production and evasion.
Fluxes of THg from water to sediments
Surface sediment THg fluxes, obtained by multiplying concentrations of THg in surface sediments by sedimentation rates, were recently calculated for Hudson Bay and ranged from 1.2 to 5.1 ng cm À 2 year À 1 (Hare et al., 2010) . Assuming that these fluxes reflect the focusing of particles through their transport, resuspension and deposition into quiescent areas, the Hudson Bay-wide mean surface sediment Hg flux was estimated at 4.5 Mg yr À 1 (Hare et al., 2008) . Outridge et al. (2008) 
. Zones of MeHg production
There is a paucity of data on methylation and demethylation processes in Arctic marine environments and it was therefore recently suggested that research on the biogeochemical cycle of Hg in Arctic regions needed to focus on methylation processes within the ocean (Fig. 8) (Macdonald and Loseto, 2010) . Studies conducted in other regions indicate that DMHg (as opposed to MeHg) is sometimes the principal methylated Hg species found in marine waters. This observation has led to the hypothesis that DMHg may be the primary product of Hg(II) methylation in seawater and that MeHg is then produced by decomposition of DMHg (Mason et al., 1995; Mason and Fitzgerald, 1993) . In openocean environments, Hg(II) methylation in the water column is likely the principal source of methylated Hg (Sunderland et al., 2009; Mason and Fitzgerald, 1990; Cossa et al., 2009; Heimbürger et al., 2010; Lehnherr et al., 2011) , whereas in estuaries and nearshore environments sediments are an important MeHg source (Hollweg et al., 2009; Hammerschmidt et al., 2004) . However, both deep-sea sediments and continental shelf sediments (via lateral transport) (Hammerschmidt and Fitzgerald, 2006 ) may contribute to the open-ocean water column pool of methylated Hg. In the Arctic, the possibility also exists that methylation in the cyrosphere (sea ice and overlying snow) may also contribute MeHg to surface marine waters.
Water column methylation
Both pure cultures of marine bacteria originating from Antarctic surface waters (Pongratz and Heumann, 1999) and macroalgae collected from an Arctic fjord (Pongratz and Heumann, 1998b) have been shown to produce MeHg and DMHg, suggesting that Hg(II) methylation can occur in the water column compartment of polar marine ecosystems. Furthermore, the correlation of DMHg and MeHg concentrations with chlorophyll a concentrations in Arctic and Antarctic marine waters supports the notion that these species have a biogenic origin in the euphotic zone Heumann, 1999, 1998a) . The vertical distribution of methylated Hg in marine waters of the Canadian Arctic Archipelago indicates that these species are also produced at sub-thermocline depths where MeHg and DMHg make up a large proportion of the THg (see Section 3.2.1; Kirk et al., 2008) . Additionally, MeHg can also be produced from the decomposition of DMHg in the water column (Mason et al., 1995) .
Methylation and demethylation rate constants were recently measured in marine waters of the Canadian Arctic Archipelago (see Fig. 8 ), demonstrating that the water column is an important site of MeHg production . Methylation of Hg(II), resulting in the production of both MeHg and DMHg was observed during incubations of seawater samples. Additionally, DMHg was also formed by the further methylation of MeHg, although DMHg production was generally slower than MeHg production. However, there is still only a very rudimentary understanding of the interconversion between DMHg and MeHg. Therefore, the importance of DMHg as a precursor of MeHg, and by extension, a source of Hg available for bioaccumulation and biomagnification, has still not been properly quantified. For example, estimates of the rate constant of DMHg degradation to MeHg vary greatly from 2 Â 10 À 4 d À 1 to 0.2 d À 1 (Mason and Sullivan, 1999; Mason et al., 1995) . A large proportion of aqueous methylated Hg is in the DMHg form and, therefore, quantifying the rates of interconversion between MeHg and DMHg could be the key to understanding why marine organisms can have high tissue MeHg concentrations despite low MeHg concentrations in the water.
A simple model built using the rate constants of MeHg production and degradation measured in the Canadian Arctic Archipelago was used to demonstrate that, on average, Hg(II) methylation in the water column accounts for about half (47762%) of the MeHg occurring in marine waters in the Canadian Arctic Archipelago, and is therefore the single largest source of MeHg to Arctic marine waters and food webs . Furthermore, MeHg demethylation in the water column limits how far MeHg can be transported by ocean currents; for example, 90% of the MeHg in a particular water mass is predicted to be demethylated in the time it takes for that water mass to travel 20-200 km . Therefore, the majority of MeHg occurring in coastal Arctic marine waters cannot originate from distant sources, highlighting the importance of Hg(II) methylation in local compartments.
Because the availability of Hg(II) limits MeHg production, the implication is that if concentrations of Hg(II) in Arctic marine waters were to increase, as a result of either increased anthropogenic inputs or environmental change, the production of MeHg in the water column from Hg(II) methylation is also likely to increase. The opposite is also expected to be true, and decreases in anthropogenic Hg inputs to the ocean should result in decreases in seawater MeHg concentrations. While increases in Hg(II) will result in more MeHg, Mason et al. (this issue) conclude that MeHg in fish will respond slowly to changes in atmospheric deposition given the decadal timescale of processes, such as ocean circulation, which affect MeHg production in the open ocean. Therefore, Hg concentrations in marine biota may initially continue to increase even if atmospheric Hg deposition begins to decrease (Mason et al., 
this issue).
The production of MeHg in ocean compartments is also likely linked to the availability of organic carbon for microbial decomposition. Various studies have shown that the distribution of MeHg in surface/intermediate marine waters of the Pacific Ocean (Sunderland et al., 2009 ), Mediterranean Sea (Cossa et al., 2009 ), Southern Ocean (Cossa et al., 2011) and over the Canadian Arctic shelf ) is correlated to indices of organic carbon remineralization, such as apparent oxygen utilization (AOU) and inferred rates of organic carbon remineralization. In addition, others have demonstrated that MeHg and DMHg concentrations in polar oceans are correlated to chlorophyll a concentrations Heumann, 1998a, 1999) . Within a 1-year annual cycle, concentrations of methylated Hg increased and decreased with the abundance of phytoplankton in the Mediterranean Sea (Heimbürger et al., 2010) . Although the relationship between primary productivity and MeHg production has not been quantified in the Arctic, it is fair to say that any spatial or temporal increases or decreases in primary productivity and organic carbon remineralization will also result in corresponding increases or decreases in MeHg production and uptake by biota.
Sediment and cryospheric methylation
There is no data for Hg(II) methylation in Arctic marine sediments, but in other regions shelf sediments have been shown to be an important source of MeHg (Hollweg et al., 2009; Hammerschmidt et al., 2004) to the water column. However, it is important to note that when particle settling and sediment burial are taken into account, MeHg losses to the sediments can be bigger than the release of MeHg to the overlying water from diffusion and resuspension, meaning that sediments are not always a net source of MeHg, particularly in shallow coastal regions where particles do not have a long residence time in the water column before settling out . Hollweg et al. (2009) in reviewing the literature demonstrated that the MeHg flux from coastal sediments predicted from diffusion calculations can be 1-2 orders of magnitude lower than the flux measured using benthic flux chambers and sediment core incubations, presumably because diffusion-based fluxes ignore other important contributions to the total MeHg flux. Therefore, to comprehend the role of marine sediments as MeHg sources, it is important to understand the various mechanisms that are responsible for the exchange of MeHg between the water column and sediments, including diffusion, particle settling and resuspension, as well as bioturbation which has been shown to enhance the transport of MeHg from sediments to overlying waters (Benoit et al., 2009 ). Shelf sediments, inputs from major Arctic rivers (Graydon et al., 2009; Leitch et al., 2007; Kirk and St. Louis, 2009; Coquery et al., 1995) and atmospheric deposition of MeHg following the evasion and degradation of DMHg from surface waters (St. Louis et al., 2005) ; values displayed above the arrows) along with associated biogeochemical fluxes (thick arrows), such as airwater gas exchange of DMHg and remineralization of POC and MeHg bioaccumulation/biomagnification (block arrows). The pie charts depict the proportion of MMHg that is estimated to originate from Hg(II) methylation in the water column (data from Lehnherr et al., 2011). 2004; Larose et al., 2010; Constant et al., 2007 , and the vertical MeHg concentration profile through the snow-sea ice continuum suggests a mix of sources including atmospheric, seawater and methylation in basal ice (Cossa et al., 2011) . However, it is not yet possible to estimate the importance of cryospheric MeHg production to Hg bioaccumulation in marine food webs.
Water column demethylation
MeHg can be demethylated under both light and dark conditions as a result of photodemethylation and microbial demethylation . While microbial demethylation is likely occurring throughout the water column, photodemethylation is limited to the euphotic zone and likely primarily to the depth to which UV radiation can penetrate in the water column (Lehnherr and St. Louis, 2009) . It was recently shown in laboratory experiments that the rate constant of MeHg photodemethylation is lower in seawater compared to freshwater due to a shift in MeHg speciation, as a result of higher chloride (Cl À ) concentrations, to CH 3 HgCl, which appears to be more resistant to photodemethylation (Zhang and Hsu-Kim, 2010) . This is consistent with field measurements performed in the Arctic where the photodemethylation rate constant is about 3-4 times higher in freshwater ponds (3.4 Â 10 À 3 m 2 E À 1 , Lehnherr et al., 2012) compared to seawater (1 Â 10 À 3 m 2 E À 1 , Lehnherr et al., 2011) . However, although the MeHg photodemethylation rate constant is slower in seawater than in freshwater, photodemethylation may still play a large role in controlling MeHg exposure in marine food webs because the euphotic zone is typically deeper in more transparent marine waters than in lakes (which tend to have more light absorbing solutes and particles). Thus, the relative losses of MeHg from photodemethylation are greater on an aerial basis than what might be predicted simply by comparing surface photodemethylation rates in fresh and marine waters. This is substantiated by recent measurements of stable isotope signatures in fish tissues showing that MeHg incorporated into the pelagic marine food web of the Gulf of Mexico had undergone substantial (50%) photodemethylation , comparable to what was previously reported for freshwater fish (25-68%) in the US (Bergquist and Blum, 2007) .
Photodemethylation in the Arctic exhibits strong seasonal variability due to the absence of sunlight in the winter and continuous illumination in the summer. Snow and sea ice cover also strongly control the light regime of Arctic marine waters and sea ice cover was recently shown to be the dominant control on MeHg photodemethylation in the Arctic during the spring season (early April to late June) (Point et al., 2011) . Furthermore, it is thought that climate change-induced sea ice loss will increase the amount of photodemethylation taking place in polar surface marine waters (Point et al., 2011) . However, it is also possible that sea ice declines will mostly change the timing of photodemethylation, and the seasonal dynamics in MeHg concentrations, rather than the total annual flux. For example, methylated Hg has been observed to build up under sea ice (St. Louis et al., 2007) such that at ice-out there is a large pool of methylated Hg potentially available to take part in photochemical reactions. Under such a scenario, photodemethylation rates, which are proportional to MeHg concentration (Lehnherr and St. Louis, 2009; Sellers et al., 1996) , would be high during the short icefree season but negligible at other times. If the spatial extent and duration of ice cover continues to decline as is widely predicted, a new scenario might emerge where there is no longer a buildup of methylated Hg under the ice and photodemethylation would occur at a slower rate, due to lower MeHg concentrations, but for a longer time period, resulting in little net change in the annual MeHg photodemethylation flux.
In summary, local methylation and demethylation processes control the size of the MeHg pool in marine waters and ultimately how much Hg is available for bioaccumulation and biomagnification through marine food webs. Increasingly, evidence is pointing to the importance of methylation in the water column (see also Mason et al., this issue) , but with some smaller contributions from shelf sediments and rivers in coastal areas. Any processes which directly or indirectly affect methylation and demethylation rates, such as sea ice cover and the availability of Hg(II) for methylation or organic carbon for microbial respiration, will likely result in changes in Hg exposure throughout marine food webs.
Food web processes and drivers of Hg concentrations in Arctic marine biota
Dietary exposure, through the ingestion of prey, represents the primary means by which higher trophic level species such as marine mammals, birds and fish are exposed to MeHg. MeHg binds to proteins in organisms and increases over time in individuals (bioaccumulation) as well as by orders of magnitude with each trophic level (biomagnification). Thus, although MeHg concentrations, and the proportion of THg that is MeHg, are low at the bottom of the food web, the bioaccumulating and biomagnifying properties of MeHg result in top predators with high MeHg concentrations which make up nearly 100% of the THg present in the muscle tissue (e.g. Morel et al., 1998; Campbell et al., 2005; Loseto et al., 2008a, b; MacDonald and Loseto, 2010) . Hg concentrations in higher trophic level species are controlled by numerous processes including: (a) the amount of bioavailable Hg and/or MeHg at the bottom of the food web, (b) speciesspecific processes controlling bioaccumulation and dilution and (c) food web length, structure and type. Therefore, when evaluating Hg exposure rates and body burdens in higher trophic species, it is important to consider both the abiotic Hg and MeHg pools available for uptake at the bottom of the food web, as well as food web processes, such as trophic dynamics and species foraging behavior (AMAP, 2011).
Bioaccumulation and biomagnification of MeHg through Arctic marine food webs
Arctic marine food webs generally consist of seven functional groups spanning a total of five trophic levels, including primary producers, such as ice algae or phytoplankton, grazers, predatory invertebrates, fish, predators such as beluga whales and seals, and apex predators, which include polar bears and humans. While Arctic marine food webs and the trophic transfer of Hg within them are difficult to study due to the remoteness, seasonal ice cover constraints and the lack of suitable platforms to sample key biota (e.g. fish in the deep ocean), Hg concentrations in top predators such as polar bears, beluga, and birds are moderately available due the subsistence lifestyles of many northern coastal communities and associated monitoring programs. Because of the importance of marine mammals to human diet in the north, understanding why Hg concentrations in Arctic marine mammals are so high, and thus the food web processes that drive these concentrations, is extremely important.
The base of the Arctic Ocean food web
Few studies have sampled the base of Arctic marine food webs (e.g. plankton, algae, bacteria) to assess the entry of Hg to food webs. In the North Water Polynya, concentrations of THg in sea ice algae were 0.015 mg g À 1 dw (n¼1) (Campbell et al., 2005) . Concentrations of Hg in particulate organic material (POM) were o0.02 mg g À 1 dw in Lancaster Sound (Atwell et al., 1998) . Calanoid copepods (e.g., Calanus glacialis and C. hyperboreus), the primary consumers of ice algae and phytoplankton (Geynrikh, 1986; Springer et al., 1996; Mumm et al., 1998; Auel and Hagen, 2002) (Stern and Macdonald, 2005; Loseto et al., 2008a) . These values compare well to those observed in the North Water Polynya, Lancaster Sound, and off the coast of Greenland, where copepods had Hg concentrations of 0.025 (Campbell et al., 2005) , 0.06 (Atwell et al., 1998) , and 0.08 mg g À 1 dw (Rigé t et al., 2007) , respectively. Mysids, which are considered to be an epibenthic primary consumer as they scavenge floating detritus, had Hg concentrations similar to deep water copepods (Loseto et al., 2008a) .
Fish and predatory invertebrates
Hg concentrations in Arctic cod (Arctogadus glacialis) collected in spring under the ice in the Amundsen Gulf/Franklin Bay averaged 0.37 mg g À 1 dw and were significantly higher than those collected from the shallow coastal-shelf region of the Beaufort Sea, near the Mackenzie Delta (0.16 mg g À 1 dw) (Loseto et al., 2008a) . Hg concentrations in other fishes of the Beaufort coastal shelf-region, including rainbow smelt (Osmerus mordax), Pacific herring (Clupea pallasi), Arctic cisco (Coregonus autumnalis) and least cisco (C. sardinella) were similar to those observed in Arctic cod of the coastal-shelf region (0.2 mg g À 1 dw) (Loseto et al., 2008a) . The similarities in Hg concentrations among species in the coastal shelf-region combined with the difference observed in Arctic cod Hg concentrations between different regions highlight the potential influence of regional Hg sources and food web structure on fish Hg concentrations; however, differentiating between these factors is challenging. Hg concentration differences between offshore and shelf region Arctic cod could be driven by regional Hg sources or seasonal influences on foraging and physiology that can affect bioaccumulation and/or dilution. For example, rapid growth rates can result in a ''biodilution'' effect due to the reduced concentration over a large biomass, whereas those with slower growth rates may have higher Hg concentrations (Kidd et al., 1999; Karimi et al., 2007) .
Variability in Arctic cod Hg concentrations are also observed across the circumpolar Arctic with concentrations in Lancaster Sound and North Water Polynya being considerably higher (0.2 mg g À 1 dw) (Atwell et al., 1998; Campbell et al., 2005) than those measured in Kongsfjorden near Svalbard (0.05 mg g À 1 dw) (Jaeger et al., 2009) . Beaufort Sea benthic species, which comprise an important part of the beluga diet, had Hg levels ranging from 0.2 mg g À 1 dw in flounders and predator invertebrates, such as shrimp, to 0.5 mg g À 1 dw in sculpins (Loseto et al., 2008a) .
Sculpins were found to range from 0.24 mg g À 1 dw in Lancaster Sound to 0.34 mg À 1 dw near Qaanaaq and Qeqertarsuaq, western Greenland (Atwell et al., 1998; Rigé t et al., 2007) . trophic status and define Hg transfer from prey to predator (Cabana and Rasmussen, 1994) . For example, Fig. 9 demonstrates Hg concentrations vs. d 15 N signatures in different marine species of the Beaufort Sea, including copepods from near and off-shore sites, invertebrates, fish from benthic, pelagic and coastal habitats, and beluga whales (Loseto et al., 2008a however using a combined approach of Hg and d 15 N analyses and satellite telemetry, beluga whales were split into three distinct feeding groups based on sex and age (see Section 4.2 for details) (Loseto et al., 2008a) . The slopes of the Hg-d 15 N regressions, which represent the Hg biomagnifications rates, ranged from 0.23 to 0.25 for the three different beluga feeding groups and their hypothesized food items. These rates are similar to those observed in marine food webs of the central and Canadian high Arctic (Atwell et al., 1998; Campbell et al., 2005) , western Greenland (Rigé t et al., 2007) Icelandic waters (McMeans et al., 2010) , and fjords of Svalbard, Norway (Jaeger et al., 2009 ).
Controls on exposure to predators: a case study on the Beaufort beluga whale population
Considerable research on the Beaufort Sea beluga whale population has been driven by the local Inuvialuit of the western Arctic who continue to lead a traditional lifestyle and harvest beluga whales for food (Harwood et al., 2002) . Concern for both food safety and beluga health was heightened when Hg concentrations in this population significantly increased between the 1980s and 1990s . To try to understand the factors driving high Hg concentrations in the Beaufort beluga population, studies on trophic structure and beluga ecology, both of which can influence the dominant source of MeHg that is bioaccumulated, were conducted. For example, belugas feeding in pelagic, benthic, and estuarine/shelf habitats may receive MeHg predominantly originating from water column methylation, sediment methylation, and river inputs, respectively (AMAP, 2011). However, predator feeding ecology can be complicated by large from coastal shelf, off-shore pelagic, and benthic zones. Invertebrates collected include: calanus copepods collected from the coastal shelf (Cal SH), calunus copepods (Cal Pel) and hyperiid amphipods (Themisto libellula) from off-shore pelagic zone, mixed zooplankton from near the coastline (Est Zoo), and mysids, gammarid amphipods (Anonyx spp.) and shrimp from benthic zones. Fish collected include: pacific herring, Arctic cisco, least cisco, rainbow smelt, and saffron cod from the coastal shelf, Arctic cod from the off-shore pelagic zone, and flounder and sculpin from the benthic regions. Three groups of beluga whales which utilize different habitats and foraging areas are also shown: Beluga 1: shallow coastal areas; Beluga 2: along ice edges; and Beluga 3: deep off-shore waters (data from Loseto et al., 2008a, b) .
home ranges and feeding variability within different groups.
Using Hg and d
15 N analyses of food web organisms from a variety of potential habitats, and satellite telemetry to track beluga movement, trophic structure, beluga habitat and diet preference (and thus potentially important sources of Hg to the Beaufort beluga whales) were identified (Loseto et al., 2006 (Loseto et al., , 2008a (Loseto et al., , b, 2009 Loseto, 2007) .
4.2.1. Beluga habitat use and associated diet and mercury exposure
As described above (see Sections 4.1.1-4.1.3), to examine trophic structure, Hg concentrations and d
15 N signatures were examined in different marine food web organisms, including lower trophic copepods from near and off-shore sites, the invertebrates that prey on them, fish from benthic, pelagic and coastal habitats, and beluga ( Fig. 9 ) (Loseto et al., 2008a) . To quantify daily habitat selection of the Beaufort beluga whale population, data obtained from satellite telemetry were analyzed using the Resource Selection Function (Arthur et al., 1996) . Results suggested that the Beaufort Sea beluga population sexually segregates into groups with different summer ranges based of sea icecover, bathymetry, and distance from shoreline. Thus three habitat groups were defined based on beluga length, sex, reproductive status, and summer habitat usage: (1) females with and without calves and small males ( o4 m), which selected shallow open-water habitats near the mainland; (2) medium length males (3.8-4.3 m) and a few females ( 43.4 m) without neonates, which selected the sea ice edge habitat; and (3) large males (4-4.6 m), which selected regions of heavy sea ice cover in deep, offshore waters (Loseto et al., 2006) . Intra-species habitat segregation obviously has consequences for feeding ecology, trophic structure and Hg exposure, as it relates to different energetic requirements over space and time (Stevick et al., 2002) . In fact, average Hg concentrations varied greatly among the three habitat groups, and food web groups were therefore identified based on habitat usage: (1) beluga using shallow estuarine habitats had the lowest Hg concentrations (2.670.8 mg g À 1 dw) and likely fed on estuarine-shelf food webs; (2) beluga selecting the ice edge in the offshore region had mid-range Hg concentrations (4.47 0.7 mg g À 1 dw) and likely fed on pelagic food webs consisting largely of Arctic cod and; (3) beluga selecting regions of heavy sea ice cover over deep waters had the highest Hg concentrations (6.570.7 mg g À 1 dw) and likely fed on benthic and epibenthic food webs (Fig. 9) (Loseto et al., 2008a) . It is noteworthy that despite the high influx of THg and MeHg to the Mackenzie Delta (Graydon et al., 2009; Leitch et al., 2007) , Hg concentrations in the estuarine-shelf belugas and their prey were lowest of all groups. This illustrates that the large mass fluxes of THg and/or MeHg into the delta do not necessarily result in higher MeHg concentrations in marine waters, and, by extension, higher concentrations in marine food webs. On the other hand, belugas feeding in benthic and epibenthic food webs had the highest Hg concentrations, likely due to high Hg concentrations in prey items such as sculpin, shrimp and flounder (Loseto et al., 2008a) .
Although the assigned feeding groups were an oversimplification of the temporal and spatial complexities of beluga movement and seasonal feeding preferences, the exercise was valuable in understanding trophic level transfers in various food webs. Results from this case study demonstrate that the somewhat predicable increase in Hg up food chains reflects the biomagnification of MeHg, increasing in concentration by approximately 10 times at each trophic level, thus highlighting the importance of food chain length in driving Hg concentrations in top predators. The study also revealed differences in estuarine-shelf, pelagic and benthic food webs that may reflect trophic guild, species-specific processes, or regional Hg sources at the base of the food web (Loseto et al., 2008a) . In summary, evaluating Hg concentrations in higher trophic level species need to consider both Hg sources and food web processes, including foraging behaviors and habitat usage. In the case of the Beaufort Sea beluga whale population, differences in feeding habits resulted in up to a two-fold difference in Hg concentration among groups (Loseto et al., 2008a) . While determining the source of MeHg at the base of the food web remains difficult, species-specific processes driving bioaccumulation and/or dilution, food web structure and predator feeding ecology are key factors to consider when examining Hg levels in biota.
Spatial and temporal trends of Hg in biota
Monitoring programs working in tandem with subsistence hunters from northern coastal communities to obtain samples have resulted in substantial data sets on Arctic biota, particularly for birds, seals, and polar bears. In addition, analysis of wellpreserved teeth, feathers and hair has allowed comparison of preindustrial to modern-day Hg concentrations in Arctic mammals, birds and humans. Comparisons of Hg concentrations in Arctic biota to determine spatial and temporal trends can be challenging because sample sizes are often small and Hg varies largely with age and sex of the animals; however some broad-scale patterns have been well demonstrated and are described below. Ford et al. (2005) found no circumpolar spatial trend for Hg in blue mussels (Mytelis edulis) sampled during the late 1990s from Alaska, Canada, Greenland, Iceland, the Faroe Islands and Norway; nor was any spatial pattern evident for Hg in sea-run char (Salvelinus alpinus) sampled from 55 locations across the Canadian Arctic . The spatial distribution of Hg in seabirds is mixed. In general, Hg concentrations in seabirds from the Barents Sea (Savinov et al., 2003) were lower than in Greenland, Canada and northeast Siberia (Ford et al., 2005) . Braune (2007) found that Hg in thick-billed murre (Uria lomvia) eggs from the Canadian high Arctic were higher than in murre eggs from Alaska and northern Norway and Hg concentrations in eggs of ivory gulls (Pagophila eburnea) from the Canadian high Arctic (Braune et al., 2006) were higher than in eggs from the Norwegian and Russian Arctic (Miljeteig et al., 2009) (Fig. 10) . However, no spatial pattern was evident for Hg in black guillemot eggs (Cepphus grylle) or northern fulmar (Fulmarus glacialis) livers sampled from the Canadian Arctic, Greenland and the Faroe Islands (Ford et al., 2005) , or for black-legged kittiwake (Rissa tridactyla) eggs sampled from the Canadian high Arctic and northern Norway (Braune, 2007) . Regional patterns were not evident in four species of eiders (Somateria spp. and Polysticta spp.) from Alaska, Arctic Canada, Arctic Russia, Greenland, the Barents Sea and northeastern Siberia (Ford et al., 2005) . For migratory species, Hg exposure during the winter range may be a factor. In addition, birds of the same species may have different diets in different regions, which likely affects the patterns (or lack thereof) reported.
Spatial trends
A circumpolar comparison of hepatic Hg in ringed seals (Phoca hispida) sampled from 1995 to 2001 found that Hg concentrations were highest in the central/western Canadian Arctic locations compared with those from Alaska, Greenland, Norway and Russia ). An earlier study (Wagemann et al., 1996) found higher Hg concentrations in liver of beluga whales (Delphinapterus leucas) from the western Canadian Arctic compared with the eastern Canadian Arctic. However, a more recent analysis suggests that regional differences in Hg concentrations between eastern and western Canadian Arctic beluga have diminished although levels in 2009 were still relatively higher in western Arctic beluga (Stern, 2010) . Hepatic Hg concentrations in polar bears (Ursus maritimus) sampled from various locations across the Canadian Arctic showed higher Hg concentrations in the Beaufort Sea population compared with populations further east (Rush et al., 2008) .
Latitudinal differences in the form of increasing south-tonorth trends in Hg have also been observed for seabirds and marine mammals in both Greenland (Dietz et al., 1996) and the Canadian Arctic (Braune et al., 2002; Rush et al., 2008; St. Louis et al., 2011) . However, as with the circumpolar comparisons, differences in availability of MeHg for bioaccumulation at the base of the food web, feeding behavior and food web structure may all be confounding factors contributing to the complexity of interpreting these geographical patterns in the absence of addi- N signatures in particulate organic matter and sediments, and water column concentrations of MeHg, it was recently demonstrated that bears from the southern Beaufort Sea have significantly higher Hg concentrations than those from western Hudson Bay, likely due to both a longer and more pelagic food web and higher water column concentrations of methylated Hg available to initiate bioaccumulation .
Temporal trends
Long-term data (i.e., comparing modern with historical or preindustrial Hg concentrations) can be used to estimate the relative importance of natural and anthropogenic metal inputs in modern biota and the environment (Dietz et al., 2009 ). In contrast, shortterm data (i.e., covering the past one to three decades) illustrate how Hg concentrations have changed in recent times and suggest likely trends in the near future.
Long-term trends
Numerous studies have used analysis of archived and modern teeth (Dietz et al., 2009; Eide et al., 1993; Outridge et al., 2002 Outridge et al., , 2005 Outridge et al., , 2009 Tvinnereim et al., 2000) , hair (Dietz et al., 2006a; Hansen et al., 1989; Wheatley and Wheatley, 1988) and feathers (Dietz et al., 2006b ) dating back as far as 800 years to reconstruct long-term trends in Hg concentrations in Arctic animals and Peoples. Results suggest that there has been a 10-fold increase in Hg levels in upper trophic level marine animals (beluga, ringed seal, polar bear, birds of prey) over the past 150 years with an average rate of increase of 1-4% per year (Fig. 11, Dietz et al., 2009) . It has thus been suggested that $90% of the Hg currently present in Arctic animals originates from anthropogenic sources (Dietz et al., 2009) , although the observed increases also reflect both anthropogenically and naturally-induced increases in Hg(II) methylation and bioaccumulation rates, and shifts in feeding behavior or food web structure, all of which unfortunately cannot be teased apart with current analysis.
Recent trends
Changes in Hg concentrations in Arctic biota over recent decades have not been consistent across the Arctic or among species. Hg levels in terrestrial species such as moose (Alces alces) and caribou (Rangifer tarandus) from the western Canadian Arctic (Gamberg et al., 2005) as well as caribou from western Greenland (Rigé t et al., 2004) , caribou/reindeer from Sweden (Odsjö et al., 2007) and mountain hare (Lepus timidus) from the Faroe Islands (Hoydal and Dam, 2009 ) have either decreased or not changed. This same pattern holds true for a variety of freshwater fish species, primarily from Canadian Arctic lakes (Evans et al., 2005; Muir et al., 2005; Gantner et al., 2009 ) but also from the Faroe Islands (Hoydal and Dam, 2009) and Sweden (Bignert, 2002) , with the exception of Hg in male burbot (Lota lota) from the Mackenzie River in Canada; where Hg concentrations appear to be increasing (Evans et al., 2005) . Hg trends in Arctic marine species, however, are quite varied depending on species and location. Marine fish, such as shorthorn sculpin (Myoxocephalus scorpius) from Greenland have shown no change in Hg concentrations whereas Hg in seabird eggs has increased in some species (Braune, 2007; Braune et al., 2006) but not others (Braune, 2007; Helgason et al., 2008) . Likewise, Hg trends in marine mammals such as walrus (Odobenus rosmarus), ringed seal, pilot whale (Globicephala melas), beluga and polar bear are quite variable, reported to be increasing in species in some areas (Aubail et al., 2010; Braune et al., 2005; Dietz et al., 2011b; Lockhart et al., 2005; Rigé t et al., 2007; Rush et al., 2008) and either decreasing or showing no change in others Dietz et al., 2006a; Gaden et al., 2009; Hoydal and Dam, 2009; Kannan et al., 2007; Lockhart et al., 2005; Rigé t et al., 2004 Rigé t et al., , 2007 .
A recent meta-analysis of 83 time-series datasets for Arctic wildlife species in Alaska, Canada, Greenland, Iceland, the Faroe Islands, Norway and Sweden examined changes in Hg concentrations over the past 7-38 years using a statistically rigorous methodology . The review included data on marine mammals, marine and freshwater fish, marine invertebrates, seabirds and land mammals. Many of these time series are now long and powerful enough (i.e., assuming a sampling period of 10 years, a significance level of 0.05 and a statistical power of 80%) to reliably detect a temporal trend if one exists. Overall, Hg concentrations showed a recent increase in 16% of the datasets, a recent decrease in 5% of the datasets and no significant change or fluctuating trends in the remaining 79% of datasets. The average annual increases of the significantly increasing datasets ranged between þ0.9 and þ 10% (median þ5.0%) and the significant annual decreases ranged between À 2.4 and À 8.6% (median À5.9%). Although the annual change showed no apparent trend with longitude or latitude, the annual rate of change increased significantly from east to west.
The results from the meta-analysis were generally consistent with a review of recently published literature . Although there was no consistent trend across species and tissues for the entire circumpolar Arctic, there was a clear east-to-west gradient in the occurrence of recent increasing Hg trends with more time-series in the Canadian and Greenland region of the Arctic showing significant increases than in the northern Atlantic Arctic. Most of the increasing time-series were for marine-based species (i.e., marine mammals, seabirds) followed by predatory freshwater fish. The factors driving these trends likely vary among species and among areas and may include relative proximity to source regions where emissions are either decreasing or increasing and/or biological (i.e., food web) processes, possibly related to climate change.
Exposure of Northern Peoples through their traditional diet of country foods
The potential health impacts of elevated contaminant concentrations, including Hg, on Arctic human populations have been a concern since the mid 1990s Hansen, 2000) . The most at-risk population is the Inuit who are a group of culturally similar indigenous Northern Peoples inhabiting the Arctic regions of Canada (Northwest Territories, Nunatsiavut, Nunavik, Nunavut, Nunatukavut), Denmark (Greenland), Russia (Siberia) and the United States (Alaska) (ICC, 2008) . In fact, average human blood Hg concentrations up to 40 mg L À 1 , which are well above blood Hg guidelines of 5.8 mg L À 1 , were recently (2000) (2001) (2002) (2003) (2004) (2005) (2006) (2007) observed in pregnant women, mothers, and women of child bearing age in communities where diets are comprised predominantly of traditional foods (AMAP, 2011). As detailed below, data on Hg levels in Northern Peoples and their food items are available due to fairly comprehensive monitoring programs; however much is still unknown about the neurological and cardiovascular impacts of Hg exposure on humans, as well as the best approaches to communicate health risks.
How are Northern Peoples exposed to Hg?
The maintenance of traditional lifestyles with respect to diet composition places the Inuit at an increased risk to environmental contaminants such as Hg, compared to southern populations (Van Oostdam et al., 1999; Van Oostdam et al., 2005) . The Inuit traditional diet includes species that are at the top of the food chain, such as marine mammals like seals, beluga and narwhal, which are major sources of Hg to humans . Hg speciation varies within different parts of these animals and concentrations generally increase in order from fat, muscle, kidney and liver. Laird et al. (2009) measured Hg bioaccessibility using an in vitro system and demonstrated that small intestinal Hg bioaccessibility from 16 fish, wild game and marine mammal samples consumed by Inuit in northern Canada ranged between 1 and 93% and was independent of food THg concentration. Additionally, they also demonstrated that gastrointestinal microbes may affect Hg bioaccessibility of the 16 country foods, either increasing or decreasing bioaccessibility depending upon the type of food. These results indicate that gastrointestinal absorption of Hg is not likely limited by the concentration of Hg in the food, which compounds the uncertainty of exposure assessment.
Rates of Hg intake and Hg levels in Northern Peoples
A study conducted by the Centre for Indigenous Peoples Nutrition and Environment (CINE) at McGill University in 1999 found that the 95th percentile intake of Hg in 18 Inuit communities exceeded by over a factor of 10 the Provisional Tolerable Weekly Intake (PTWI) established by the FAO/WHO of 1.6 mg kg Braune et al., 2011 , data from Dietz et al., 2009 concentrations in traditional food but the same food consumption information demonstrated similar levels of THg intake ( Table 2 ), suggesting that there was little change in average Hg concentrations in traditional foods between 2000 and 2007. There was a significant regional difference in Hg intake, with the Baffin region showing the highest Hg intake levels (Table 3 ). This is due to the relatively high intake of marine mammals in the Baffin region. Contrary to Hg, a significant decrease of polychlorinated biphenyls (PCBs) and 1, 1-dichloro-2,2 0 -bis-p-chlorophenyl-ethylene (DDE) concentration in traditional foods was observed suggesting that the regulations of persistent organic pollutants (POPs) under the Stockholm Convention may be having the positive effect of decreasing POP concentrations. A similar trend was also observed in Greenland. Deutch et al. (2006) compared the dietary composition and nutrients in 177 traditional meals collected in Uummannaq municipality, northern Greenland in 1976 with 90 meals sampled in Uummannaq in 2004. They found that the percentage of local food in the diet has decreased and with it the intake of n-3 fatty acids and, after adjustment for n-3 fatty acid content in the food, they found a significant decrease of PCBs and lead, but found an increase in local food Hg concentration.
Biomonitoring of Hg in blood conducted in Nunavik, Canada, showed a decreasing trend. In 2004, 917 adults aged between 18 and 74 were recruited in 14 communities of Nunavik to participate in a broad-scale health survey. Results were compared with data obtained in 1992, where 492 Peoples were recruited for a similar survey in the same population (Fontaine et al., 2008) . Table 4 ). Hg blood concentrations were mainly explained by age (partial r 2 ¼0.20; po0.0001), and the most important source of exposure to Hg was marine mammal meat consumption (partial r 2 ¼0.04; p o0.0001). These results suggest that Hg intake may have decreased because of the decline in traditional food use over the last decade while the concentrations in traditional food remained unchanged. Hg can cross the placenta, and fetuses are a high-risk group because the developing brain is susceptible to the harmful effects of MeHg exposure (Oken et al., 2005) . Therefore, many blood monitoring programs in the Arctic have been focusing on pregnant women. Blood Hg levels in mothers have generally decreased in almost all circumpolar regions including: parts of Alaska, Arctic Canada and northern Sweden, since the 1990s (Donaldson et al., 2010; AMAP, 2011) There was a significant correlation between Hg levels in children's hair and that of the adults in the same household. For children, beluga muktuk, narwhal muktuk, ringed seal liver, fish, caribou meat and ringed seal meat together accounted for 95% of the dietary sources of Hg. Not surprisingly, there was also a significant positive association between children's hair Hg levels and estimated dietary Hg intake.
Effects of Hg exposure on the health of Northern Peoples
The adverse effects of Hg on Inuit child development have been studied in a cohort study conducted in Nunavik, Canada. About 110 pre-school children aged between 5 and 6 years old who had participated in an earlier cord blood monitoring program were recruited (Saint-Amour et al., 2006) . A significant association between Hg body burden at birth and pattern-reversal visual evoked potentials (VEPs) was reported. In a follow-up study, Boucher et al. (2011) found that prenatal exposure was associated with adverse effect on recognition memory in the same cohort of Inuit children (11.3 yr). More importantly, the authors found that higher cord plasma concentrations of docosahexaenoic acid (DHA) and cord DHA concentrations had positive associations with performance on neurobehavioral assessments of memory. Cord DHA-related effects were also observed regardless of Hg and PCB exposure. These results suggest that a detailed risk-benefit assessment is needed to develop a public health advisory.
Recently, there is increasing evidence that Hg may have an adverse effect on the cardiovascular health of Inuit. In Nunavik, systolic blood pressure (SBP) and diastolic blood pressure (DBP) were measured in 732 adults during a clinical visit and pulse pressure (PP) was calculated. Pearson correlation analysis was used to study simple relationships between Hg and blood pressure parameters, while multiple regressions were carried out to control for confounding factors. Hg was correlated with SBP (r ¼0.15; p o0.0001) and PP (r¼ 0.17; p o0.0001) while the correlation with DBP did not reach statistical significance. After adjusting for confounders, the association with SBP (b ¼2.4; p¼0.0004) and PP (b ¼1.2; p ¼0.02) remained statistically significant and the association with DBP became significant (b¼ 1.0; p¼0.04), suggesting a negative impact of Hg on blood pressure (Valera et al., 2009 ). Health end points related to Hg exposure and cardiovascular disease could be of greater relevance for public health than those related to, for example, neurotoxicity at current exposure levels. For example, the low incidence of cardiovascular disease in Inuit may be due to the high fatty acid composition of their diet, but this positive effect may be attenuated by high Hg exposure as recent studies indicate that Hg can have a negative effect on the cardiovascular system. Although the reasons are still not known, Hg may also inhibit important antioxidative mechanisms in humans and could promote the peroxidation of unsaturated fatty acids such as DHA and Eicosapentaenoic acid (EPA) (Donaldson et al., 2010) .
Considerations when developing and communicating consumption advice
While traditional food consumption is the major source of contaminant exposure in the Arctic, the traditional food system of the Inuit is a vital component of their culture and makes many positive contributions to health. Traditional food contributes to social, cultural and physical health . Benefits of traditional food use include lower costs, chronic disease prevention from a more nutritious diet, mental health, social-cohesion and cultural morale (Wheatley and Wheatley, 2000) .
Furthermore, the traditional diet includes nutrient-rich organ meats and other parts of the animal that are not normally available at the local markets or consumed (Kuhnlein et al., 2004) . The process of collecting traditional foods involves great amounts of physical activity that reduce the risks of diabetes, obesity and loss of fitness (Kuhnlein et al., 2004) . A recent crosssectional health survey of Inuit (Z18 yr) in 36 Arctic communities conducted in [2007] [2008] showed that when traditional food was consumed, there was a higher intake of protein, proteinrelated micronutrients, vitamins A and C and a lower intake of carbohydrates, saturated fat, fiber and a lower sodium:potassium ratio (p r0.05) (Egeland et al., 2011) . Nutrition transition and food insecurity are associated with a multifaceted shift in nutrient status with implications for increased risk of diet-sensitive chronic diseases (Egeland et al., 2011) . Therefore, the benefits of traditional food consumption as well as the consequences of the loss of traditional foods in the diet must be considered in risk management studies.
The role of scientists and public health professionals is to protect populations from unsafe levels of contaminant exposures. However, they need to be sure their interventions will not result in an unnecessary decrease of traditional food consumption and hence loss of nutritional and cultural benefit. Further complicating the issue in the Arctic are the differing views of the risks associated with contaminants such as Hg in the food system, as risk perception and behavior are influenced by culture, social and demographic factors . Therefore, it is important to contextualize the issue, identify the current concerns and identify the current conditions that will help the public build the skills and capacity needed to understand and participate in the assessment, communication and management of the issue.
Summary, research needs and implications for policy
Above, we have discussed Hg sources, pathways and exposure in Arctic marine ecosystems. One of the primary objectives of current Hg research is to quantify how much Hg enters Arctic marine ecosystems from external sources and from where this Hg originates. This would in turn allow us to predict how these ecosystems might respond to, for example, reductions in anthropogenic Hg emissions brought about by new regulations or changes to the global Hg cycle as a result of climate change. Another fundamental question is whether we can establish a link between atmospheric Hg deposition, which is in part controlled by anthropogenic Hg emissions, and Hg exposure to biological organisms and humans. The ability to answer this second question depends on a strong understanding of the many processes and pathways involved in the transfer of Hg from the abiotic pool into food webs, including upper trophic level species of fish and marine mammals consumed by humans. For example, we need to understand factors which control: (1) the distribution and speciation of Hg in various biogeochemical compartments, (2) the net production of the toxic and bioaccumulating form of Hg (MeHg) and finally (3) the bioaccumulation and biomagnification of MeHg through food webs.
Recent efforts have greatly improved our ability to provide answers regarding external sources of Hg to the Arctic. Rivers appear to be at least as large of a Hg source as atmospheric deposition, if not greater, and ocean circulation is likely a smaller source of Hg than rivers and the atmosphere. However, it should be noted that data on both rivers and inputs from ocean currents are still very incomplete. Inputs from rivers have likely been underestimated until recently (Fisher et al., 2012) , while Hg fluxes associated with ocean circulation are highly uncertain, such that it is still not possible to determine whether ocean circulation is a net source or sink for Hg in the Arctic Ocean. Models of atmospheric Hg deposition in the Arctic reflect the best available information, having been expanded to incorporate snowpack processes such as reduction and remission of deposited Hg AMAP, 2011) . Best model estimates of net atmospheric Hg deposition within the Arctic Circle are 60 Mg yr À 1 and 143 Mg yr À 1 (NCP, 2012), although there are still very few field measurements of deposition in the high Arctic to corroborate these model results, and areal loads in snowpacks suggest that atmospheric Hg deposition may be somewhat lower (St. Louis et al., 2007) . Both model simulations and field measurements suggest that atmospheric Hg deposition is less in the Arctic compared to more temperate and/or industrialized regions. It has also been determined that the largest source of atmospheric Hg to the Arctic are Asia and Russia, followed to a lesser extent by North America and Europe. However, some knowledge gaps remain. For example, most measurements of atmospheric deposition have been conducted on land at coastal sites and have limited spatial and temporal coverage. Very few data have been collected over sea ice or over the Arctic Ocean proper, even though most of the surface area within the Arctic is not land but sea ice covered ocean. Furthermore, the role of sea ice, and the impact of declining sea ice extent, on processes controlling atmospheric Hg speciation and distribution is not well understood. Finally, modeled estimates of atmospheric Hg deposition would be improved by field measurements to parameterize and calibrate models.
As data on both atmospheric Hg deposition and Hg concentrations in biota exist for some regions of the Arctic, it might be tempting to simply compare the two to determine the importance of Hg deposition in controlling Hg exposure in marine biota and thereby predict how Hg concentrations in biota might respond to changes in anthropogenic emissions. However, this would be erroneous, potentially misleading and clearly over simplistic because of the numerous complex processes linking Hg(II) deposition, Hg(II) methylation, bioaccumulation and biomagnification, for which we possess only a rudimentary understanding. For example, there are currently no measurements of MeHg production and release from Arctic marine sediments. There is also a lack of concentration data for seston/phytoplankton and many benthic organisms, limiting our understanding of how MeHg is bioaccumulated into organisms at the base of both pelagic and benthic marine food webs before being biomagnified. The knowledge gaps in our understanding of both processes and external sources mean that it is still difficult to assemble a mass balance for either THg or MeHg in the Arctic Ocean, although THg mass balances have been published using either a very small number of field observations (Outridge et al., 2008) or an oceanatmosphere coupled model (Fisher et al., 2012) .
While not all the pathways linking Hg deposition to Hg exposure in wildlife and humans are understood, it is possible to identify a few of the factors which may control MeHg production in Arctic marine ecosystems, and thus MeHg availability for bioaccumulation in local food webs. Water column methylation is likely the most important source of MeHg to Arctic marine food webs and is controlled by both primary productivity (Sunderland et al., 2009; Heimbürger et al., 2010; Cossa et al., 2009) and Hg(II) availability . Therefore, any increases or decreases in primary productivity and organic carbon decomposition will result in similar increases or decreases in MeHg production and uptake by biota. Furthermore, the addition of more Hg(II) to ocean systems will result in higher MeHg production and higher exposure to organisms at the base of the food web. However, it is also likely that MeHg in fish will respond slowly to changes in atmospheric Hg deposition given the timescale of oceanographic processes that affect MeHg production in the open ocean (Mason et al., this issue) . As a result, Hg concentrations in Arctic marine biota may initially continue to increase even if atmospheric Hg deposition begins to decrease (Mason et al., this issue) .
Hg concentrations in Arctic marine biota have increased significantly since the onset of industrialization (Dietz et al., 2009 ). There are also indications that Hg concentrations are higher (and increasing) in fish, marine mammal and seabird species in some areas of the Canadian Arctic and Greenland compared with the North Atlantic and European Arctic. However, the underlying factors contributing to these patterns and trends are complex. Hg exposure of top predators is controlled by food web structure and food chain length as well as by the availability of MeHg for bioaccumulation at the base of the food web. Habitat, diet and animal behavior are also important in controlling Hg exposure, and all of these factors will likely be affected by climate change, potentially having dramatic effects on Hg exposure. Therefore, it is difficult to identify areas of high Hg levels in marine biota beyond the general patterns already described in Section 5.
Climate change has the potential to dramatically alter the Hg cycle in Arctic regions by altering deposition pathways and uptake, methylation/demethylation, food web structure, and animal behavior and diet, through rising air and water temperatures and loss of sea ice. For example, changes in atmospheric conditions, sea ice coverage and salinity, and increasing air temperatures will affect the timing and magnitude of Hg deposition to the Arctic. Rising water temperatures and loss of sea ice will likely affect methylation/demethylation rates by altering primary productivity, which fuels methylation, as well as the light regime in the water column, increasing rates of photochemical transformations of Hg. Sea ice loss will also alter food web structure and indirectly Hg biomagnification by, for example, decreasing the abundance of sea-ice (sympagic) algae, and forcing other organisms which are part of the sympagic food web, such as Arctic cod, to feed more pelagically, thus altering the flow of Hg from abiotic pools into upper trophic level organisms. However, the consequences of climate change on Hg concentrations in biota and exposure to Peoples are still largely unknown and difficult to predict. In many ways, the Arctic Ocean will be the first marine ecosystem to exhibit impacts from climate change, acting as the ''canary in the coal mine'' for how Hg cycling may respond to environmental changes in other oceans around the world.
Hg is impacting Arctic ecosystems and Northern Peoples are particularly at risk due to their reliance on traditional foods. This is apparent in the fact that the primary source of Hg exposure to Northern Peoples is from the consumption of traditional foods, particularly marine mammals, resulting in some individuals having Hg concentrations in their bodies that exceed health guidelines and recommendations. However, the nutritional, social, cultural and physical health benefits of harvesting and consuming traditional foods are great, and therefore, risk communication should be done with consideration of the social context surrounding this issue. Reducing the consumption of traditional food is not a long-term solution for decreasing Hg exposure in Northern Peoples, and only by reducing anthropogenic Hg emissions will it be possible to minimize Hg concentrations in Arctic ecosystems (ICC, 2008) .
